Abstract Maintaining genetic diversity and population viability in endangered and threatened species is a primary concern of conservation biology. Genetic diversity depends on population connectivity and effective population size (N e ), both of which are often compromised in endangered taxa. While the importance of population connectivity and gene flow has been well studied, investigating effective population sizes in natural systems has received far less attention. However, N e plays a prominent role in the maintenance of genetic diversity, the prevention of inbreeding depression, and in determining the probability of population persistence. In this study, we examined the relationship between breeding pond characteristics and N e in the endangered California tiger salamander, Ambystoma californiense. We sampled 203 individuals from 10 breeding ponds on a local landscape, and used 11 polymorphic microsatellite loci to quantify genetic structure, gene flow, and effective population sizes. We also measured the areas of each pond using satellite imagery and classified ponds as either hydrologically-modified perennial ponds or naturally occurring vernal pools, the latter of which constitute the natural breeding habitat for A. californiense. We found no correlation between pond area and heterozygosity or allelic diversity, but we identified a strong positive relationship between breeding pond area and N e , particularly for vernal pools. Our results provide some of the first empirical evidence that variation in breeding habitat can be associated with differences in N e and suggest that a more complete understanding of the environmental features that influence N e is an important component of conservation genetics and management.
Introduction
Quantifying the effects of landscape features on the effective population sizes of natural populations remains an important challenge in conservation genetics (Andersen et al. 2004; Rowe and Beebee 2004; Beebee 2005; Wang 2009a ). Effective population sizes (N e ) in wild animal systems vary widely (Scribner et al. 1997; Crawford 2003; Hoffman et al. 2004; Palstra and Rruzzante 2008) and determining N e for threatened and endangered species is a key component of their conservation and management (Andersen et al. 2004; Rowe and Beebee 2004; Beebee 2005; Schwartz et al. 2007) . Reduced effective population sizes can lead to deleterious effects, including inbreeding depression and loss of genetic diversity, which can diminish the ability of a species or population to adapt to environmental change and to respond to risks from diseases and pathogens (Crnokrak and Roff 1999; Nieminen et al. 2001; Keller et al. 2002; Frankham 2005) . In addition, if small effective populations tend to have small census populations, then measures of N e will also be informative regarding the demographic consequences of small populations. Thus, understanding the effects of environmental variables on the effective sizes of natural populations can contribute substantially to scientifically-informed conservation practices (Palstra and Rruzzante 2008; Wang 2009a) .
Determining how environmental variation affects N e is also fundamental to a more complete understanding of variation in population dynamics and patterns of local adaptation. Population genetics theory emphasizes the central role of N e on the relative efficacy of selection and drift, levels of genetic variability within populations, and rates of molecular evolution (Wright 1938; Kimura 1968) . In populations with smaller N e , drift plays a larger role in changes in allele frequencies, genetic variation tends to decrease over time, and molecular evolution occurs at a slower rate due to decreased mutational opportunities (Hartl and Clark 1997; Gillespie 2004; Charlesworth and Willis 2009) .
There are many factors that can potentially influence N e , including demographic history, the carrying capacity of habitat patches, and population connectivity (Waples and Gaggiotti 2006; Mills 2007) . While new methods in landscape genetics are increasingly sophisticated in their ability to assess the effects that the landscapes separating populations have on dispersal probability and the resulting population genetic structure (Manel et al. 2003; Storfer et al. 2007; Spear et al. 2005; Giordano et al. 2007; Wang 2010) , few conservation and landscape genetics studies consider the effects that environmental variation has on intra-population variables such as demographic history and effective population size (Funk et al. 1999; Driscoll 1999; Wang 2009a ). For instance, in pond-breeding amphibians, substantial progress has been made in understanding the role of upland habitat in genetic structure and dispersal among populations (Trenham et al. 2001; Wang et al. 2009 ), but the effects of pond characteristics on population demography are relatively unknown.
Several species of amphibians provide excellent systems for quantifying the roles of residential and breeding habitats in population demography and N e . The aquatic life history stage of many amphibians means that pond and stream, as well as terrestrial habitat characteristics, may contribute to variation in N e among populations. Pondbreeding amphibians provide especially good study systems for examining the effects of aquatic breeding habitats on population parameters, because breeding ponds have quantifiable features and often demarcate discrete yearly cohorts of breeding populations. Additionally, amphibians are facing local and global declines (Fisher and Shaffer 1996; Houlahan et al. 2000; Collins and Storfer 2003; Stuart et al. 2004) and are often sensitive to anthropogenic habitat alteration (Guerry and Hunter 2002; Zamudio and Wieczorek 2007) . Thus, studies linking breeding habitat and population persistence may play a critical role in conservation and management strategies (Gibbs 1998; Guerry and Hunter 2002; Funk et al. 2005; Rittenhouse and Semlitsch 2006) .
In this study, we examined population structure and demography in the California tiger salamander, Ambystoma californiense, in a network of breeding ponds on a relatively undisturbed landscape in Merced County, CA. This region has little topographic relief (National Elevation Dataset; http://ned.usgs.gov) and ponds are separated only by grassland, a preferred terrestrial habitat for the species Wang et al. 2009 ). The homogeneity of upland habitat in this region, compared to other study sites (e.g. Trenham et al. 2001; Wang et al. 2009 ), allowed us to isolate the effects of pond characteristics on population processes. Specifically, we used eleven microsatellite markers and population genetic analyses to test for associations between pond size and effective population size, allelic diversity, and heterogeneity in A. californiense. Our results suggest that pond size may play an important role in N e (and therefore population persistence) and have important implications for the conservation of this species and amphibian conservation genetics more broadly.
Materials and methods

Sampling and study system
The California tiger salamander, A. californiense, is a federally protected, pond-breeding amphibian endemic to central California (Loredo et al. 1996; Shaffer and Trenham 2005; Fitzpatrick et al. 2009) . A. californiense breeds in seasonal and permanent ponds that are free of fish and other introduced predators (Fisher and Shaffer 1996; Shaffer and Trenham 2005; Ryan et al. 2009 ). Aquatic larvae grow and develop in these pools for 3-6 months, at which time they metamorphose and disperse onto the surrounding terrestrial landscape. Except for a few weeks of breeding activity, they are thereafter primarily fossorial, residing in small mammal (primarily California ground squirrel, Spermophilus beecheyi and Botta's pocket gopher, Thomomys bottae) burrows, which provide protection against predation and dessication (Loredo et al. 1996; Shaffer and Trenham 2005; Trenham and Shaffer 2005; Searcy and Shaffer 2008) . The importance of adequate terrestrial (residential) habitat to maintain viable populations of A. californiense is now well-established (Trenham et al. 2001; Trenham and Shaffer 2005; Searcy and Shaffer 2008) , although the relationship between upland terrestrial and aquatic breeding habitat remains relatively unknown.
We collected tissue samples via tail-clip from a total of 203 larvae from the 10 breeding ponds in which A. californiense occurs in our study region (Fig. 1) . All tissues were collected on March 30 and 31, 2006. Tissues were stored in 95% ethanol and maintained at -20°C. Pond areas were calculated using tools provided in GOOGLE EARTH PRO v5.2. We traced the perimeter of the pond basin (as opposed to the water level) based on apparent transitions in vegetation cover using satellite imagery captured on December 30, 2005. The breeding period for A. californiense typically occurs between late November and early March, depending on the initiation of winter rains and pond filling. Ponds were categorized as either vernal pools (VP) or artificial perennial ponds (PP) based on expected differences in pond hydroperiods (Table 1) ; vernal pools are natural, shallow depressions that typically dry each year, whereas perennial ponds are artificial, deeper ponds that frequently retain water throughout the year.
Genotyping
Tissues were digested in lysis buffer with Proteinase K, and genomic DNA was purified using a standard ethanol precipitation. Extracted samples were diluted to 10 ng/ll and used as template in PCR reactions for eleven tetra-nucleotide microsatellite loci (Savage 2008) . Forward primers for each PCR were labeled with a 5 0 fluorescent tag (6-FAM, NED, VIC, or PET) for visualization. We amplified loci individually and ran PCR products on an ABI 3730 Genetic Analyzer (Applied Biosystems, Costa Mesa, CA). Fragments were sized with LIZ-500 size standard and collected with GENESCAN V3.1 (Applied Biosystems). Scoring was performed with STRAND V.2.9.34 (University of California, Davis, CA). We used MICRO-CHECKER V2.2.3 (van Oosterhout et al. 2004) to check for potential scoring errors, the presence of null alleles, linkage disequilibrium, and departures from Hardy-Weinberg equilibrium (HWE).
Genetic variation and population structure
We investigated the distribution of genetic variation by performing an analysis of molecular variance (AMOVA) and calculating allelic diversity, heterozygosity, and pairwise values of F ST among breeding ponds using GENALEX v2.6 (Peakall and Smouse 2006) . We also examined the genetic clustering of samples using BAPS V4.14 (Corander et al. 2004 ), STRUCTURE V2.3.2 (Pritchard et al. 2000) , and by performing an analysis of molecular variation (AMOVA). BAPS (Corander et al. 2004 ) uses Bayesian mixture modeling to describe variation within subpopulations using a separate joint probability distribution over multiple loci. The mixture model parameters include the assignment of individuals to clusters to optimize genetic similarity within clusters. We performed the 'clustering of individuals' analysis, using 1-11 as maximum numbers of clusters and 10,000 iterations to estimate the admixture coefficient for each sample. STRUCTURE implements a genotypic clustering method that assigns samples to groups in order to maximize within-cluster conformity to HWE and minimize linkage disequilibrium. STRUCTURE calculates the likelihood for an assumed number of clusters, K, and so allows comparisons between different values of K. We performed 20 independent replicates for each value of K (K = 1-11) with 10,000 iterations of the MCMC following a 10,000 iteration burn-in. For these runs, we assumed independence among loci, allowed admixture in the clustering model, and used the sampling localities as prior information. A drawback of STRUCTURE is that the number of genetic clusters can often be overestimated, and, in many cases, the inferred number and membership of populations do not appear biologically reasonable. To correct for this, we took into account the shape of the log-likelihood curve and variance among multiple runs as recommended by Evanno et al. (2005) and calculated DK to find the optimal estimate for number of genetic clusters.
Effective population size estimation
To estimate effective population sizes of A. californiense in each of the ten breeding ponds, we performed the sibship assignment method implemented in COLONY V2.0 (Wang 2009b) . The sibship assignment method first determines the probabilities of all pairs of samples from a population being full-sibs and half-sibs. These assignment probabilities are then used to determine N e based on a predictive equation that relates the probability of drawing these assignments from a randomly sampled, single cohort to the number of effective breeding adults. Extensive simulation studies, as well as some empirical data, have shown that the sibship assignment method is much more accurate than other common methods for estimating N e , such as the heterozygote excess method, the linkage disequilibrium method, and the temporal method (Wang 2009b ).
Bottleneck detection
We used two methods to detect molecular signatures of historical bottlenecks. We used BOTTLENECK V1.2.02 Piry et al. 1999 ) to investigate deviations from expected heterozygote excess relative to allelic diversity. During population bottlenecks, rare alleles are lost due to drift at a faster rate than the overall loss of heterozygosity, and BOTTLENECK utilizes this disparity to detect past bottlenecks (Spencer et al. 2000; Pearse and Crandall 2004; Williamson-Natesan 2005) . We performed the analysis under all three microsatellite mutational models available: the infinite alleles model (IAM), stepwise mutational model (SMM), and two phase mutational model (TPM) with 80% single-step mutations and 20% multiple-step mutations, based on empirical estimates of microsatellite mutation rates (Goldstein and Schlotterer 1999) . We also calculated the statistical significance of the M statistic in each population compared to that from a simulated population in M-RATIO (Garza and Williamson 2001) . In this test, M is the ratio between the number of alleles at a locus and the total range in allele sizes. Unless all rare alleles are at the ends of the allele size distribution, bottlenecks will tend to eliminate rare alleles but leave the allele size distribution intact, and M will be reduced in populations that have experienced a significant population size reduction (Pearse and Crandall 2004; WilliamsonNatesan 2005) . We parameterized the TPM used in M-RATIO by assigning an 80% rate of single-step mutations and a mean of 2.8 repeats to the size change of multiplestep mutations, based upon empirical estimates of microsatellite evolution (Garza and Williamson 2001) , and used a mutation rate of 5 9 10 -4 (Goldstein and Schlotterer 1999). We performed the analysis by choosing a range of pre-bottleneck effective population sizes of 100, 200, and 1000 individuals, resulting in h = 0.05, 0.10, and 0.50. Because some recent studies have shown that gene flow among populations can sometimes produce false signals of population bottlenecks (Chikhi et al. 2010; Peter et al. 2010 ), we corrected for this possible artifact by combining samples from several populations (Chikhi et al. 2010 ). Specifically, we performed both analyses again using all 10 populations and using all combinations of 9 populations. For these analyses, we used proportionally adjusted prebottleneck effective population sizes of 1000, 2000, and Mean estimates are on the first line for each population, followed by 95% confidence intervals on the second line 10000 individuals (for 10 populations) and 900, 1800, and 9000 individuals (for 9 populations).
Gene flow estimation
We estimated ongoing gene flow between populations using a genetic assignment method implemented in BAYE-SASS? V1.3 (Wilson and Rannala 2003) . BAYESASS? uses a fully Bayesian MCMC resampling method to estimate asymmetrical rates of recent gene flow between populations and also calculates a confidence interval for results that would be returned from uninformative data, typically those that do not contain sufficient variation to estimate dispersal with high confidence (Wilson and Rannala 2003; Pearse and Crandall 2004) . We performed our BayesAss? run with 5 million generations, discarded 2 million as burn-in, sampled the chain every 2,000 generations, and used default parameter settings.
Regression analysis
Pond area measurements were log-transformed and simple linear regressions were performed using the 'lm' function of the 'stats' package in R (R Development Core Team 2008). We evaluated the relationship between pond area and each of four response variables: effective population size (N e ), observed heterozygosity (H O ), average pairwise F ST , and allelic richness (Â ).
Results
Genotyping
The microsatellite loci we used were highly polymorphic, ranging from 6 to 14 alleles per locus, with a mean of 11.2 ± 2.4 alleles; these values are nearly identical to those found in A. californiense in a different part of their range (Wang et al. 2009 ). MICRO-CHECKER did not indicate the presence of null alleles, scoring errors, or linkage disequilibrium. We found deviations from HWE for four loci in one or two populations each, but no consistent evidence that these loci did not conform to HWE expectations, and thus we did not exclude any loci from our analysis. We were unable to unambiguously score 9.3% of genotypes and coded these as missing data.
Genetic variation and population structure
We found slight variations in allelic diversity and heterozygosity among populations ( Table 1) . Estimates of pairwise F ST ranged from 0.037 to 0.182 (Table 2) , with an overall mean F ST = 0.087 ± 0.032. The AMOVA indicated that 81% of molecular variation occurs within populations and 19% between populations. We found no evidence of isolation by distance, based on a Mantel test for correlation between pairwise F ST and geographic distance (r = -0.117; P = 0.635).
The results of our STRUCTURE runs indicated an optimal log likelihood for K = 8. However, after applying the correction described by Evanno et al. (2005) , we found that the optimal number of clusters was K = 6 (Fig. 2a) , corresponding to FMC ? OEV ? BCS, VS1 ? LPR1, VS2 ? VS3, VS4, CCR, and SCR. BAPS identified 10 genetic clusters, which corresponded to our 10 sampled breeding ponds (Fig. 2b ).
Bottlenecks and effective population size
Mean estimates of effective population size were consistently low, ranging from N e = 11 to 64, with an average across the ten populations of N e = 30 (Table 1) . We also found consistent evidence for population bottlenecks in all of our populations. BOTTLENECK indicated significant signs of historical reductions in population size in all ten populations under the infinite alleles (IAM) and two-phase mutational (TPM) models and in one population under the stepwise mutational model (SMM) as well (Table 3) . M-RATIO also indicated significant signals of population bottlenecks in all ten populations for h = 0.05 and in six populations for h = 0.10 (Table 3) . We also detected a significant signal for population bottlenecks when we combined samples from all 10 populations using M-RATIO when the pre-bottleneck effective population size was estimated as 1,000 individuals (P = 0.046) and a signal that approached significance using BOTTLENECK under the IAM (P = 0.062). When we combined sets of 9 populations, we found a significant signal from all sets using M-RATIO for pre-bottleneck N e = 900 (P \ 0.05 in all cases). We also found a significant signal for the set that excluded population OEV using M-RATIO for pre-bottleneck N e = 900 (P = 0.042) and in BOTTLENECK under the IAM (P = 0.039) and the TPM (P = 0.049). Thus, we found strong signals of population bottlenecks in all populations except for OEV, which has a moderate signal under some analyses.
Gene flow BAYESASS? indicated that the confidence interval for gene flow estimates that might result from uninformative data was fairly large. We recovered three rates that fell outside this range, and therefore indicated strong evidence for recent gene flow: FMC to OEV = 0.261 (0.184-0.317), VS3 to VS2 = 0.197 (0.075-0.304), and BCS to SCR = 0.157 (0.086-0.228). That is, for these pairs of ponds, 15.7-26.1% of individuals sampled had parents that were inferred to have come from another breeding site.
Regressions with breeding pond area
Linear regression on log-transformed breeding pond area values revealed no significant statistical relationship with allelic richness, Â ( Fig. 3b; F (1,8) = 0.924; P = 0.365; Fig. 2 Results of genetic clustering in Structure (a) and BAPS (b) based on 11 microsatellite loci. Each vertical bar represents an individual sample, and the height of each colored segment within each bar represents the probability of that sample being assigned to each cluster. The results depicted in a were derived for the optimal inferred value of K (K = 6). Colors are not coordinated between panels Fig. 3c;  F (1,8) = 0.773; P = 0.773; R 2 = 0.01). However, we found a positive relationship between breeding pond area and N e ( Fig. 3a; F (1,8) = 8.013; P = 0.022; R 2 = 0.50). When the vernal and modified perennial ponds were analyzed separately, we found that this relationship between N e and pond area was entirely due to vernal pools ( Fig. 3a;  F (1,3) = 30.580; P = 0.012; R 2 = 0.91), with no evidence of a similar relationship for modified perennial ponds ( Fig. 3a; F (1,3) = 0.003; P = 0.962; R 2 = 0.00). We also detected a significant negative relationship between pond area and Â in permanent ponds ( Fig. 3c; F (1,3) = 11.980; P = 0.041; R 2 = 0.80).
Discussion
The levels of population structure and gene flow that we detected in our study are in line with estimates from this endangered salamander in other regions. Molecular estimates of gene flow from a network of A. californiense breeding ponds in Monterey County, California (Fort Ord Natural Reserve), found levels of gene flow nearly as high as those from this study. Estimates of gene flow in that system, also based on BayesAss? and microsatellite data, ranged from 0.105 to 0.199 across a more complex landscape containing three diverse habitat classes instead of just one (Wang et al. 2009 ). A long-term mark-recapture study of A. californiense also indicated that interpond dispersal occurs regularly. In a network of breeding ponds from a topographically and ecologically complex landscape in central California (Hastings Reservation) that is similar to that at Fort Ord, approximately 30% of first-time breeders moved to different breeding pond from their birth pond, and about 30% of salamanders that bred in two different years switched ponds between breeding events (Trenham et al. 2001) , suggesting that a salamander that breeds twice has a roughly 50% probability of moving from its birth pond for at least one of those breeding events. These numbers, from very different sites with very different ecological conditions, suggest that movement among breeding sites is quite common in this species, and that the precise philopatry that is often ascribed to Ambystoma salamanders (Gamble et al. 2007 ) may not hold for A. californiense. Interestingly, we found no evidence for isolationby-distance, which often occurs in amphibian systems (Funk et al. 2005; Spear et al. 2005; Wang et al. 2009; Wang and Summers 2010) . However, pairwise estimates of F ST among our ponds are consistent with estimates of gene flow and genetic clustering. The pairs of populations in which we detected high levels of recent gene flow (FMC ? OEV; VS2 ? VS3; BCS ? SCR) all had relatively low values of F ST (from 0.037, 0.057, and 0.078). Additionally, STRUCTURE output suggested that FMC ? OEV and VS2 ? VS3 could share membership in the same genetic clusters. On the other hand, BAPS identified our breeding pond sampling localities as independent genetic clusters, and the discrepancy in clustering between BAPS and STRUCTURE is likely due to the underlying model of admixture implemented by each program. Taken together, these results indicate that there is moderate genetic differentiation among most breeding ponds, with signatures of some admixture between several pairs of populations. Given the high probabilities of interpond dispersal found by Trenham et al. (2001) , the genetic distinctiveness of breeding sites both here and at Fort Ord (Wang et al. 2009 ) may indicate that migrants are less successful breeders than resident salamanders, that different landscapes promote different levels of interpond movement, or that movement between ponds is spatially restricted to breeding sites that are in very close proximity only, as was found by Trenham et al. (2001) . We estimated relatively low effective population sizes (N e ) in all of our breeding ponds, ranging from N e = 11 to 64. These estimates are similar to estimates of N e in other salamanders (Funk et al. 1999; Jehle and Arntzen 2002; Savage et al. 2010 ) and other amphibians (Scribner et al. 1997; Driscoll 1999; Rowe and Beebee 2004; Wang 2009 ), all of which describe effective population sizes well below 100 individuals per population and often as small as N e = 10-20. Additionally, a recent review of estimates of N e across animal systems has indicated that effective population sizes in wild animal populations are generally smaller than previously thought (Frankham 2009 ). These results suggest that conservation biology in general would benefit from a greater understanding of N e and its relationship to census population size , in nature. A key question, particularly for pond-breeding amphibians, is whether values of N e \ 100 indicate a reduction in population fitness, decreased population viability, or both, as has sometimes been argued (Lande 1998) .
Small effective population sizes can occur for a variety of reasons, including population bottlenecks, genetic isolation, low thresholds for total population sizes supported by particular habitat patches, reproductive skew among breeding adults, and sex-ratio asymmetry (Hartl and Clark 1997; Waples 2002; Wang 2009 ). Our analyses of population bottlenecks indicates that historical reductions in population size likely contributed to our observation of low N e in all ten of our sampled populations (Table 3) . Both BOTTLENECK and M-RATIO indicated strong support for population bottlenecks under most model conditions, and this demographic history could influence estimates of N e in current populations through reductions in allelic diversity and time to coalescence between sampled genotypes (Bohonak 1999; Gillespie 2004; Waples 2002) . This result was robust to additional analyses that combined data from all populations except OEV, and combining data from all 10 populations produced a significant signal of a population bottleneck under some analyses as well (see Results), suggesting that these results are not an artifact resulting from gene flow among subdivided populations (Chikhi et al. 2010; Peter et al. 2010 ).
While population bottlenecks may explain the low estimates of N e overall, the suitability of different breeding habitats also appears to have contributed to variation in N e among populations (Table 1) . Our analysis of the correlations between pond size and allelic diversity, heterozygosity, and N e provides some of the first quantitative evidence that variation in breeding pond size can influence effective population size. We found a strong correlation between pond area and N e (Fig. 3) , particularly for natural vernal pools, and this results is robust in light of other variables that could affect N e . For example, effective population size can be influenced by the overall level of genetic isolation of a population, but we found no evidence of isolation-by-distance (Wright 1943) and no significant correlation between pond area and average pairwise F ST (Fig. 3) . Thus, smaller ponds did not support smaller populations because they were more genetically isolated than larger ponds. Rather, effective population size seems to be associated with pond area alone.
The correlation between pond area and N e was even stronger when we considered only vernal pools, raising the correlation coefficient to R 2 = 0.91 (P = 0.012) from R 2 = 0.50 (P = 0.022). This may be due to the rate at which vernal pools dry, which is a function of their surface area and volume. Larval salamanders must either metamorphose before a pool dries or perish, and smaller pools that dry more quickly may often experience lower survivorship to metamorphosis. Artificial ponds, which are often relatively deep and more permanent, may lack this relationship between pond size and larval mortality, and do not show a relationship between pond surface area and N e . We also found a significant negative relationship between pond area and allelic richness for artificial ponds, which could potentially indicate that these ponds are acting as sink populations, but additional studies would be necessary to test this. Interestingly, the correlation we detected between N e and pond area was logarithmic, suggesting that N e begins to plateau with increasing pond area and that some threshold for population size may be reached in very large ponds. Although smaller ponds supported smaller populations, we did not find any evidence for a reduction in allelic diversity or heterozygosity based on pond area (Table 1 ; Fig. 3 ). So, although smaller ponds have smaller N e , these populations do not appear to have lower genetic diversity relative to larger ponds with larger N e , suggesting they may not be experiencing the deleterious fitness effects sometimes associated with small population size and with population bottlenecks (Table 3) . A better understanding of the minimum threshold for N e necessary to maintain population viability will require additional empirical studies, such as this, of N e and genetic diversity in natural populations.
Our results have clear conservation implications. While most conservation genetics studies have focused on the importance of maintaining connectivity among populations, few have considered the ecological conditions necessary to maintain viable effective population sizes. Population connectivity is clearly important, both for sustaining genetic diversity and the complex source-sink dynamics that characterize many natural populations (Trenham et al. 2001; Manel et al. 2003; Storfer et al. 2007; Spear et al. 2005; Wang et al. 2009 ). However, genetic diversity can also be protected by maintaining adequate effective population sizes Charlesworth and Willis 2009; Wang 2009a) , and this may be particularly important as landscapes become fragmented and gene flow is interrupted. Understanding the relationship between key habitat features and N e is thus another key component of a comprehensive conservation effort. In the case of endangered California tiger salamanders, our findings indicate that large vernal pools may be particularly valuable for ensuring large effective population sizes in this species and that natural vernal pools and artificial perennial ones may play very different roles in the maintenance of large effective populations. Other systems may also benefit from similar conservation genetics studies that identify important features of breeding habitats for safeguarding effective population size.
